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Abstract Atmospheric ammonia (NH3) is the primary form of reactive nitrogen (Nr) and a precursor of
ammonium (NH4

+) aerosols. Ammonia has been linked to adverse impacts on human health, the loss of
ecosystem biodiversity, and plays a key role in aerosol radiative forcing. The midwestern United States is the
major NH3 source in North America because of dense livestock operations and the high use of synthetic
nitrogen fertilizers. Here, we combine tall‐tower (100 m) observations in Minnesota and Weather Research
and Forecasting model coupled with Chemistry (WRF‐Chem) modeling to investigate high and low NH3

emission episodes within the U.S. Corn Belt to improve our understanding of the distribution of emission
sources and transport processes. We examined observations and performed model simulations for cases in
February through November of 2017 and 2018. The results showed the following: (1) Peak emissions in
November 2017 were enhanced by above‐normal air temperatures, implying a Q10 (i.e., the change in NH3

emissions for a temperature increase of 10°C) of 2.5 for emissions. (2) The intensive livestock emissions
rom northern Iowa, approximately 400 km away from the tall tower, accounted for 17.6% of the
abundance in tall‐tower NH3 mixing ratios. (3) Ammonia mixing ratios in the innermost domain 3
frequently (i.e., 336 hr, 48% of November 2017) exceeded 5.3 ppb, an important air quality health standard.
(4) In November 2017, simulated NH3 net ecosystem exchange (the difference between NH3 emissions
and dry deposition) accounted for 60–65% of gross NH3 emissions for agricultural areas and was
2.8–3.1 times the emissions of forested areas. (5) We estimated a mean annual NH3 net ecosystem exchange
of 1.60 ± 0.06 nmol · m−2 · s−1 for agricultural lands and −0.07 ± 0.02 nmol · m−2 · s−1 for forested lands.
These results imply that future warmer fall temperatures will enhance agricultural NH3 emissions, increase
the frequency of dangerous NH3 episodes, and enhance dry NH3 deposition in adjacent forested lands.

1. Introduction

Atmospheric ammonia (NH3) is the primary form of reactive nitrogen (Nr) and a precursor of ammonium
(NH4

+) aerosols via chemical reactions with sulfuric (H2SO4) and nitric (HNO3) acids (Erisman et al.,
2008; Galloway et al., 2008; Li et al., 2016). Ammonium aerosols form the dominant inorganic component
in fine particulate matter (i.e., particulate matter [PM] 2.5) and have a significant influence on radiative
scattering, cloud formation, and human health (Warner et al., 2017). Although both gaseous NH3 and
ammonium particles are short‐lived species, with lifetimes varying between a few hours and a few weeks,
they can lead to eutrophication and soil acidification by atmospheric transport (tens to hundreds of
kilometers from the source) and dry/wet deposition to sensitive natural ecosystems (Dragosits et al., 2002;
Makar et al., 2015; Stevens, 2019). Excessive reduced nitrogen NHx (NH3 and NH4

+) can also be transported
by runoff and drainage waters and lead to river acidification, algal blooms, and biodiversity loss in aquatic
systems (Erisman et al., 2008; Hellsten et al., 2008).

The main NH3 sources include agriculture, industry, and biomass burning, with over 80% from anthropo-
genic sources globally (Butler et al., 2016; Sutton et al., 2013). In the United States, 84% of the anthropogenic
NH3 emissions are attributed to agricultural categories with 30% attributed to fertilizer volatilization and
54% to livestock production (Butler et al., 2016). The U.S. Corn Belt has been identified as a global NH3
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hotspot driven by intense agricultural activity including significant use of synthetic nitrogen fertilizers and
highly concentrated animal feedlots (Shephard et al., 2011; Yu et al., 2018). For example, Iowa and
Minnesota accounted for approximately 50% of national hog production in 2018 according to the U.S.
Department of Agriculture (USDA Annual Report, 2018, https://www.statista.com/statistics/194371/top‐
10‐us‐states‐by‐number‐of‐hogs‐and‐pigs/). Ammonia dry deposition downwind of these intensive agricul-
tural areas can dominate the total Nr load from the atmosphere (Li et al., 2016, 2017) and potentially have
significant input to the nitrogen load of natural ecosystems via atmospheric and river transport (Ellis
et al., 2013).

In the Upper Midwest, direct observations indicate that both dry and total deposition rates of nitrogen (i.e.,
NH3, NH4

+, NO3
−, and HNO3) are higher than anywhere else in the United States (Li et al., 2016). Dry

deposition of NH3 plays a dominant role and estimated to account for around 50% and 80% for the total
and dry N deposition in Upper Midwest, respectively (Li et al., 2016). For these reasons, robust estimation
of NH3 emissions from these agricultural regions is essential for air quality modeling, quantifying its
environmental impacts, and developing NH3 mitigation strategies.

The uncertainty of NH3 emission estimates for the U.S. Corn Belt remains relatively high compared to other
reactive nitrogen species (i.e., N2O) or other pollutants such as NOx or SO2. The high uncertainty is attributed
to the overall lack of observations and the difficulty associated with measuring NH3 fluxes (Reis et al., 2009;
Sutton et al., 2013). Short‐termweather variations and lack of detailed crop cultivation information, including
fertilizer types and application practices, heterogeneity in landmanagement activities, and the dynamic bidir-
ectional NH3 flux, are important factors contributing to these large and persistent NH3 emission uncertainties
(Lonsdale et al., 2017; Nowak et al., 2012). Further, since NH3 is not yet a regulated pollutant in the United
States, there has been less emphasis related to reducing its uncertainty (Paulot et al., 2014).

Ammonia emission inventories, based on the Intergovernmental Panel on Climate Change (IPCC) metho-
dology (IPCC, 2013), make use of activity data and emission factors (EFs) and have been applied broadly
in calculating gross NH3 emissions. Available NH3 inventories include EDGAR (Emission Database for
Global Atmospheric Research, Olivier et al., 1994) and NEI (National Emission Inventory, Reis et al.,
2009). Large biases have been reported for these NH3 inventories. For example, NEI was found to
underestimate by a factor of 2.7 in Colorado (Battye et al., 2016). By comparing with satellite and ground
NH3 concentration observations, NH3 inventories were found to be underestimated by 2 to 4 times in
California (Heald et al., 2012; Lonsdale et al., 2017; Nowak et al., 2012; Zhu et al., 2015). Although some
empirical scaling factors (i.e., monthly) were applied (Paulot et al., 2014; Zhang et al., 2012), the magnitude
and seasonality of NH3 emissions are also found with large biases in the U.S. Midwest; a priori EDGAR
monthly NH3 inventories peaked in summer following volatilization in high‐temperature conditions, while
a recent study concluded that it should have a higher peak in spring due to corn fertilization (Paulot et al.,
2014). It is important to note that constant EFs are applied in most inventories as a simplification. However,
it is well established that these emissions are highly dependent on environmental factors such as air
temperature and can vary dramatically on short time scales (Sutton et al., 2013; Zhang et al., 2017).
Further, some studies have shown that the use of online temperature‐dependent NH3 emissions can
significantly improve simulated NH3 mixing ratios (Warner et al., 2017).

Measurements of NH3 emissions from agricultural sources remain challenging and are relatively rare
through the U.S. and other major agricultural regions of the world. Measurement approaches have included
chambers (Aneja et al., 2000; Parker et al., 2013), eddy covariance (Ferrara et al., 2012, 2016; Sun et al., 2015),
relaxed eddy‐accumulation (Nelson et al., 2017, 2019; Zhu et al., 2000), flux‐gradients (Nelson et al., 2019;
Phillips et al., 2004), and satellite‐based remote sensing (Lonsdale et al., 2017; Zhu et al., 2013). Direct
measurements of agricultural NH3 emissions have shown high sensitivity to climate (Skjøth & Geels,
2013; Sutton et al., 2013; Zhang et al., 2017). Ammonia emissions are thought to increase exponentially as
a function of air temperature (Riddick et al., 2016). In principle, the NH3 volatilization rate can double with
a temperature increase of 5°C, equivalent to a Q10 of 3 to 4 (Sutton et al., 2013). Many studies have tried to
quantify the temperature sensitivity of NH3 emissions and have reported Q10 values ranging between 1.25
and 10 for different NH3 sources and climate zones (Hensen et al., 2009; Sutton et al., 2013; Zhang et al.,
2017). Other field‐based studies have also reported that agricultural NH3 EFs show large seasonal variability,
with summer EFs 2 to 5 times larger than for winter (McGinn et al., 2007; Yang et al., 2016).
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The NH3 concentration observations reported in previous studies have largely been obtained using ground‐
level passive samplers for its relatively low instrumentation and technical requirements, such as those used
at the Ammonia Monitoring Network (AMoN) sites (National Atmospheric Deposition Program [NADP],
2017). These data have provided important information on regional NH3 concentration distributions and
shed light on potential NH3 hotspots (Yu et al., 2018). However, these ground‐level passive samplers have
a very limited source footprint and very low temporal resolution, and large uncertainties have been reported
when using these data to estimate dry deposition fluxes (Schrader et al., 2018). Further, they are not ideal for
measuring vertical gradients of NH3, which can lead to difficulty in interpreting near‐surface observations
from a single sampling altitude. Some passive samplers have been used to measure vertical NH3 profiles
(Zhang et al., 2018) in order to estimate NH3 net ecosystem exchange (hereafter NH3 net ecosystem
exchange [NEE]). Unfortunately, these measurements have relatively low temporal resolution, from weekly
to biweekly, and therefore cannot characterize shorter‐term emission changes that are needed to understand
the underlying processes (i.e., short‐term weather variability or land management activities).

Ammonia measurements at finer time scales that can better characterize the full atmospheric boundary
layer are needed to evaluate model performance, emission inventory uncertainties, and to provide deeper
insights regarding NH3 source/sink behavior and regional transport. Only a few studies have reported
hourly NH3 profiles using tall towers (i.e., 160 and 280 m) in the Netherlands (Dammers et al., 2017) and
Colorado, USA (Li et al., 2017; Tevlin et al., 2017). Here, we build on our previous tall tower NH3 work
conducted within the U.S. Corn Belt (Griffis et al., 2019) by using the Weather Research and Forecasting
model coupled with Chemistry (WRF‐Chem) model to assess the regional sinks, sources, and transport
processes associated with high NH3 emission events.

Figure 1. Maps of (a) three domain setups used in Weather Research and Forecasting model coupled with Chemistry (WRF‐Chem) model: the 10 states represent
U.S. Corn Belt is bounded by a green line; (b) land use categories and urban areas; (c) the percent plant functional types (PFTs) for crops; and (d) tree and
shrub. Note that the additional purple symbols in c and d are the locations of monitoring stations appearing in Table 1, and black “x” indicate tall tower site.
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The objectives of this study therefore were to (1) compare observed and modeled hourly NH3 mixing ratios
and evaluate NH3 inventories at the hourly to monthly time‐scales, (2) examine the NH3 emissions and
transport processes associated with high NH3 emission episodes and secondary PM2.5 formation, and
(3) quantify the NH3 NEE by accounting for both NH3 dry deposition and gross emissions from land surfaces
within the U.S. Corn Belt including agricultural and natural ecosystems.

2. Materials and Methods
2.1. Research Site

The main research site is the tall (244‐m height) tower trace gas observatory (KCMP radio tower, 44.69°N,
93.07°W), located about 25 km south of the Minneapolis‐Saint Paul metropolitan area (Figure 1). Our pre-
vious work has shown that the land use surrounding the tall tower for a radius extending to 300 km consists
of cropland, forest, and grass/pasture occupying 40%, 25%, and 21%, respectively (Hu et al., 2018). Past work
at this site has examined surface‐atmosphere fluxes of CO2 (Griffis et al., 2010; Hu et al., 2018), CH4 (Chen
et al., 2018; Zhang et al., 2014), N2O (Chen et al., 2016; Griffis et al., 2017), H2O (Griffis et al., 2016), CO, and
VOCs (Hu et al., 2015; Kim et al., 2013). Further details about the research facility and study site can be
found in Griffis et al. (2013).

2.2. Ammonia, Aerosol, and Meteorology Observations

Two sets of NH3 mixing ratio observations were used in this study. First, NH3 mixing ratios were measured
at 1‐Hz frequency from the 56‐ and 100‐m levels of the KCMP tall tower using an off‐axis cavity ring‐down
spectrometer (Model EAA‐30‐EP, Los Gatos Research, San Jose, CA, USA; Griffis et al., 2019). Ammonia
mixing ratio measurements were initiated on 21 March 2017 and are ongoing as of 15 December 2019.
These high‐frequency data were block averaged at hourly intervals for comparison with the WRF‐Chem
model results. The manufacturer‐reported NH3 mixing ratio uncertainty (1 σ) is less than 0.2 ppb for an
integration period of 100 s. Calibrations performed under field conditions showed that the Allan deviation
was 0.24 ppb for an integration period of 100 s (Griffis et al., 2019).

The second set of NH3 mixing ratio observations were obtained from AMoN sites (http://nadp.slh.wisc.edu/
data/AMoN/). These sites provide ground‐level observations with broad spatial coverage across the United
States at biweekly temporal resolution and have been available since 2007. AMoN data have been used in the
past to assess NH3 trends and for model evaluation (Butler et al., 2016; Paulot et al., 2014; Yu et al., 2018).
The ground‐level NH3 mixing ratio measurements use Radiello passive samplers (http://www.radiello.
com); previous studies have found that these have a mean relative bias of −9% compared with annular
denuder systems and a precision of 5% (Puchalski et al., 2011, 2015).

Four of the AMoN sites are located within our innermost nested model domain (D3; see Figure 1), while
three sites are within our intermediate nested domain (D2). Site and model domain details are provided in
Figure 1, Table 1, and section 2.3. These seven sites are located in four different land use regions including
crop land (WI35, IL37, and IL11), livestock (NE98), remote or background sites (WI07 and MN18), and
Urban (IN99). The AMoN sites used here thus represent a diversity of NH3 emission characteristics within
the U.S. Corn Belt for comparisons with our model results.

Fine particle (PM2.5 mass) observations within the Minneapolis‐Saint Paul metropolitan area (Table 2) were
also used to evaluate the WRF‐Chem model performance. These data were provided by the U.S.
Environmental Protection Agency (EPA) air quality system (https://aqs.epa.gov/api). Such data have been
widely used to evaluate atmospheric model performance (Hu et al., 2013; Yegorova et al., 2011; Zhu et al.,
2018). Supporting meteorological data including wind direction (WD), wind speed (WS), 2‐m air tempera-
ture (T2), and relative humidity (RH) were measured at the US‐Ro1 Ameriflux site, which is located within
5 km of the KCMP tall tower. Three additional Ameriflux sites, including Ro4, Ro5, and Ro6, were also used
to evaluate T2. Planetary boundary layer (PBL) height observations (seasonal average from November to
February) were obtained at a nearby site (~20‐km distance) in 2009 and used to compare with our model
simulations given the lack of direct observations during our study period. The 3‐hourly NARR (North
American Regional Reanalysis) PBL heights reanalysis were also used.
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2.3. WRF‐Chem Model Setup

The WRF‐Chem model (version 3.9.1.1) simulations used three nested domains with spatial resolutions of
45, 15, and 5 km, respectively (Figure 1). The intermediate 15‐km domain (D2) contained the majority of
the U.S. Corn Belt including 10 states (Chen et al., 2018). The innermost 5‐km domain (D3) included
Northern Iowa (a hotspot for NH3 livestock emissions) and southernMinnesota, which is dominated by agri-
cultural lands. Comparisons of average NH3 emissions, NH3 mixing ratios, NH3 dry deposition velocity (Vd),
and NH3 dry deposition fluxes were conducted based on different land use classifications, where the percent
coverage for 25 plant functional types was provided by CLM45‐BGC (Community Land Model coupled to
Biogeochemistry) with a spatial resolution of 0.125° (Oleson et al., 2013). As shown in Figures 1b and 1c,
we aggregated land use into two different categories: crops and tree/shrub (the latter is referred to hereafter
as forested area) to represent agricultural and natural ecosystems. To better evaluate uncertainties associated
with different land uses, model results were compared across varying coverage thresholds of 70%, 80%, and
90% to define these two different land surfaces (see results in section 3.5). As shown in Figure 1, the tall tower
observations can provide important information regarding the atmospheric transport of NH3 from both
managed agricultural lands (predominantly lying to the south and east) and natural ecosystems (to the north
and west), which provides a unique opportunity to quantify anthropogenic emissions and deposition for
both managed and natural ecosystems.

All three model domains have 36 vertical layers extending from the land surface to a height of 20 km,
corresponding to a pressure height of 50 hPa. This includes eight additional layers we added below 100 m

Table 1
NH3 Observation Sites (Including AMoN Sites and KCMP Tall Tower) and EPA PM2.5 Site Information

Site ID State Latitude (°) Longitude (°) Elevation (m) Model domain Land use

KCMP MN 44.69 −93.07 290 Domain3 Agriculture
WI35 WI 45.21 −90.60 472 Domain3 Agriculture
NE98 NE 42.83 −97.85 443 Domain3 Agriculture (Range)
IL37 IL 42.29 −90.00 274 Domain3 Agriculture
WI07 WI 43.47 −88.62 287 Domain3 Remote
MN18 MN 47.95 −91.50 524 Domain2 Remote
IL11 IL 40.05 −88.37 212 Domain2 Agriculture
IN99 IN 39.81 −86.11 230 Domain2 Urban
Apple Valley MN 44.75 −93.20 305 Domain3 Urban
Ben Franklin School MN 44.00 −92.45 / Domain3 Urban
Harding High School MN 44.96 −93.04 296 Domain3 Urban
Talahi School MN 45.55 −94.13 / Domain3 Urban
St. Michael School MN 45.21 −93.67 288 Domain3 Urban

Abbreviations: EPA: Environmental Protection Agency; PM2.5: particulate matter 2.5.

Table 2
Descriptions of Eight Different NH3 Emission Cases in WRF‐Chem Model

Case number NH3 sources Details for NH3 emissions Time period Spatial resolution
NH3 emissions in domain 3

(nmol · m−2 · s−1)

Case1 NEI 2011 Diurnal variations November 2017 4 km 3.23
Case2 NEI 2011 Constant (no diurnal variations) November 2017 4 km 3.23
Case3 NEI 2017 Scaled NEI 2011 to 2017 November 2017 4 km 2.18
Case4 NEI 2017 Zero North Iowa State November 2017 4 km 1.50
Case5 NEI 2017 Zero domains 2 and 3 November 2017 4 km 0
Case6 EDGAR Diurnal variations November 2017 0.1o 1.75
Case7 NEI 2011,2017, EDGAR Same as Cases 1, 5, and 6 November 2018 0.1° and 4 km 1.75–3.23
Case8 NEI 2017 Scale NEI 2011 to 2017 2017 4 km 2.18

Abbreviations: EDGAR: Emission Database for Global Atmospheric Research; NEI: National Emission Inventory; WRF‐Chem: Weather Research and
Forecasting model coupled with Chemistry.
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to improve the simulation of NH3 in terms of its vertical transport and gas‐particle phase partitioning.
Specifically, levels were added at vertical intervals of 10–20 m, including two with midpoints at 100‐ and
56‐m elevation for direct comparison with the tall tower observations. The namelist settings are available
in the supporting information.
2.3.1. Gas‐Phase Chemical and Aerosol Mechanisms
The gas‐phase mechanism applied is the Regional Acid Deposition Model, version 2 (RADM2; Stockwell
et al., 1990), which contains 59 chemical species and 157 gas phase reactions, of which 21 are photolytic.
The aerosol modules include the inorganic fraction of the Modal Aerosol Dynamics Model for Europe
(MADE) and the Second Organic Aerosol Model (SORGAM) for the carbonaceous fraction (Ackermann
et al., 1998; Schell et al., 2001). Three log‐normally distributed modes were applied for the simulation of par-
ticle size distribution in the MADE/SORGAMmechanisms, including the Aitken mode (<0.1‐μmdiameter),
accumulation mode (0.1–2 μm), and coarse mode (>2 μm).

The chemical boundary conditions applied idealized profiles, which were embedded in the WRF‐Chem
model, and then by running the model for 1 week prior to each 1‐month simulation, the simulated chemical
fields at the end of this 7‐dayWRF‐Chem spin up were applied as the background values for our simulations
(Chu et al., 2018; Tuccella et al., 2012). Initial and boundary conditions for relevant meteorological fields
were based on reanalysis data from the National Centers for Environmental Prediction with horizontal
and temporal resolution of 1° and 6 hr, respectively. The physical configurations are summarized in
Table S1 in the supporting information.

InWRF‐Chem, the dry deposition (Fd) of NH3 is simulated following the parameterization of Wesely (1989),

Fd ¼ CNH3×Vd (1)

where CNH3 is the NH3 mixing ratio at the first grid height and Vd represents NH3 dry deposition velocity
calculated as

Vd ¼ 1= ra þ rb þ rcð Þ (2)

where ra, rb, and rc represent the aerodynamic, quasi‐laminar boundary layer, and canopy resistance terms,
respectively. We note here that the WRF‐Chem model framework does not yet include a dynamic
bidirectional representation of the NH3 fluxes. The potential limitations and uncertainties associated with
this simplification are discussed further below.
2.3.2. Anthropogenic Emissions
Three different anthropogenic inventories were used in this study: EDGARHTAP v2 (hereafter EDGAR) for
global emissions, as well as NEI 2011 and NEI 2017 (derived based on NEI 2011 and hereafter defined as
derived NEI 2017) for North American emissions (EPA, see details in section 2.3.3). EDGAR provides
monthly emissions, while NEI provides an annual emission estimate. It is well known that NH3 emissions
exhibit strong seasonal variations and are generally highest in spring/summer; however, the EDGAR NH3

emission rates for November are close to the annual average (scaling factor: 94.1%). Therefore, we applied
the NEI annual emissions for the simulation of NH3 in November. For other months, we did not apply
monthly scaling factors on NH3 emissions given that large biases were previously reported (Paulot et al.,
2014) and we also found that the monthly scaling factors for EDGAR HTAP v2 and v4.3.1 products showed
poor agreement for each month and differed by as much as a factor of 3 during the spring and summer
(Figure S1 in the supporting information). Further, based on our sensitivity tests (Table S2), the simulated
ground‐level NH3 mixing ratios and the dry deposition changed almost linearly with changes in NH3

emission. For these reasons, we also applied these monthly scaling factors (derived from EDGAR HTAP
v2, which looks more reasonable than v4.3.1; Figure S1) offline to calibrate NH3 mixing ratio and dry
deposition for comparisons, as discussed in section 3.5.

For perspective, within a 100‐km radius of the tall tower, agricultural NH3 emissions (fertilizer and live-
stock) accounted for 92% (2.30 nmol · m−2 · s−1) of annual total emissions based on the EDGAR dataset, with
the remaining 8% attributed to energy, industry, residential, and transport categories. The annually averaged
NH3 emission for the U.S. Corn Belt was 1.53 nmol · m−2 · s−1. Hotspot emissions of 5.00 nmol · m−2 · s−1

were associated with intensive livestock operations near the northern border of Iowa (Figures 2a–2c).
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Figure 2. (a) National Emission Inventory (NEI) 2011 NH3 emissions for Case 1, (b) North Iowa hotspot removed for Case
4, (c) Emission Database for Global Atmospheric Research (EDGAR) emissions for Case 6, and (d) diurnal variations
factors of NH3 in NEI 2011. Note that the numbers indicate domain‐averaged NH3 emissions.
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According to the USDA 2018 report on agricultural products, 36% of U.S. hogs are raised in Iowa. The
NEI 2011 emission inventory indicated that fertilizer and livestock accounted for 41.2% and 58.8% of the
total agricultural emissions for Minnesota. In Iowa, these emissions accounted for 26.6% and
73.3%, respectively.

NEI 2011 is the most recent inventory available for conducting these WRF‐Chem experiments. We applied
annual scaling factors (Table S3, https://www.epa.gov/air‐emissions‐inventories) from EPA for both
Minnesota and the United States in order to derive NEI 2017 pollutant emissions (including NH3, CO,
NO, NO2, SO2, PM2.5, and PM10) for the year of our analysis (2017) based on the NEI 2011 inventory. We
note here that the EPA assumed pollution emissions that were constant from 2014 to 2017 given the lack
of available data at the state scale. The scaling factor for 2014 was thus applied for the NEI 2017 emissions
for domain 3. Based on the EPA annual NH3 emission trends (not including biomass burning) for
Minnesota and the United States, NH3 emissions have decreased from about 2.06 × 105 tons in 2011 to
1.39 × 105 tons (32.5% decrease) in 2014 for Minnesota and decreased from 4.24 × 105 tons to 3.56 × 105 tons
(15.5% decrease) for the United States from 2011 to 2017.
2.3.3. Case Studies and Model Experiments
We used the following case studies to gain new insights into regional NH3 emissions, source transport, and
dry deposition behavior. The simulation periods included November for both 2017 and 2018 and four exam-
ple months in 2017. Cases 1–6 are focused on relatively high NH3 emission episodes in November 2017 and
Case 7 examined very low emissions during November 2018 using parallel model experiments. Finally, in
Case 8, we extended the analyses to four example months in 2017 representing the four seasons to evaluate
annual NH3 emissions and dry deposition. The most recent state‐of‐the‐art emission inventory is NEI 2011.
Here, we use NEI 2011 as the baseline for comparisons outlined in the case studies below. Further, we
derived the NEI 2017 emissions with the assumption that there are no spatial variations in emission trends
observed from 2011 through 2017.

Case 1 involves simulations for November 2017, which is based on emissions prescribed using NEI 2011 and
is used here as a first try and baseline simulation (Figure 2a). This case aims to simulate the hourly NH3 mix-
ing ratios and dry deposition and is compared with the tall tower observations to see whether the high NH3

episodes can be captured by the WRF‐Chem model and the NEI 2011 NH3 emission inventory.

Case 2 focuses on the same period (November 2017) and uses temporally constant (without hourly varia-
tions) NH3 2011 emissions with all other conditions the same as for Case 1. When compared with the tall
tower NH3 mixing ratio observations, Case 2 can be used to quantify the meteorological effect on NH3 emis-
sions and mixing ratios.

Case 3 applies the derived NEI 2017 inventory and compared the results with Case 1 to examine if the NH3

emission trends provide a more accurate simulation than NEI 2011. This case represents a best estimate of
2017 emissions.

Case 4 uses the same emissions as prescribed for Case 3. However, the NH3 emission hotspots in northern
Iowa (42.5–43.5°N, 91–96.5°W, around 450 km2) were zeroed out (Figure 2b) to help quantify how these hot-
spots in the U.S. Corn Belt impact regional NH3 distribution and transport. Specifically, we used Case 4 to
examine how much these NH3 hotspots contributed to the tall tower observations in Minnesota.

Case 5 applies zero NH3 emissions in both domains 2 and 3 for November 2017 (other pollution emissions
are the same as for Case 1), while the NEI 2017 inventory is used for domain 1. This case is a zero local emis-
sion study. Case 5 was used to quantify the NH3 mixing ratio and dry deposition associated with long‐range
atmospheric transport by comparing the results with Case 3.

Case 6 uses NH3 emissions from the EDGAR inventory (other pollution emissions are the same as for Case 1)
and then compared the results with the NEI 2011 simulations and observations to examine which inventory
best simulated the high emission event observed in November 2017 (Figure 2c).

Case 7 examines differences in observations and simulations for November 2018 (lower NH3 mixing ratio
observations) and November 2017 (higher NH3 mixing ratios) using all three inventories. Case 7 provides
an opportunity to better understand the factors contributing to high NH3 emissions and our ability to simu-
late them. It provides a good opportunity to evaluate the temperature sensitivity of NH3 emissions.
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Case 8 aims to quantify the annual dry deposition to managed and natural ecosystems and to evaluate the
atmospheric transport processes on the observed seasonal NH3 mixing ratio variations. Four months are
simulated (using derived NEI 2017 emissions) in 2017 to represent seasonal variation (spring: May, summer:
August, autumn: November, and winter: February); see details in sections 3.4 and 3.5.

3. Results and Discussions
3.1. Spatial Distribution of NH3 Emissions

The spatial distribution of NH3 emissions fromNEI 2011 and EDGAR inventories is shown in Figures 2a and
2c (and Table 2). Ammonia emissions from NEI 2011 and derived NEI 2017 were larger than from EDGAR,
implying that a national inventory and a global inventory are unlikely to make use of the same level of
details of emission information. Based on the EDGAR inventory, agricultural emissions play a dominant
role in the regional NH3 balance, accounting for 97% of total NH3 emissions in domain 3. This value is close
to the NEI 2011 value (i.e., 95%). Diurnal variation factors for NH3 (scaled to the daily average; Figure 2d)
were derived from the default WRF‐Chem emission generator for different source categories. According to
the EDGAR inventory, the mean emission rate from the Northern Iowa hotspot is 3.3 times that of the
U.S. Corn Belt average and 2.9 times that of our study domain 3. This hotspot is related to intensive livestock
production where 22.6 million hogs were raised in Iowa in 2018, representing 35.9% of the national
hog production.

3.2. Evaluation of Simulated Meteorological Fields and PM2.5

Comparisons between observed and simulated T2, RH, WD, andWS are displayed in Figure S2 and Table S4.
The statistical metrics (RMSE: root‐mean‐square error, MB: mean bias, and R2: correlation coefficient) indi-
cate reasonably good performance for these selected variables. WS was slightly overestimated, perhaps
because of discrepancies in surface roughness between the WRF‐Chem grid cell (i.e., 5‐km resolution)
and the field scale (i.e., less than 100‐m resolution) observations where roughness is consistent and well
defined. Overall, these comparisons did not reveal large or persistent biases that would be expected to signif-
icantly compromise the model‐measurement analyses for NH3.

The PBL height is a critical factor controlling scalar concentration variations. Hu et al. (2018) and Fu et al.
(2017) conducted atmospheric inverse analyses for this same study domain and tall tower site for CO2 and
N2O budgets, respectively. Their results indicated relatively good performance in simulating PBL height
using the WRF model with the same boundary layer scheme (Yonsei University [YSU] scheme), as applied
in our WRF‐Chem simulations. Figure S3 shows that the WRF‐Chem model generally reproduces the diur-
nal variations of PBL height and simulated a lower PBL height than NARR (R2 = 0.52 for 2017 and 0.53 for
2018, p < 0.001; RMSE = 427 m for 2017 and 414 m for 2018). Here we note that the NARR PBL height was
unrealistic for a number of days (e.g., days 11–14 and days 25–27, November 2018), with PBL heights greater
than 1,000 m during the nighttime. Based on the observations for winter 2009 at a nearby observation site,
the WRF‐Chem simulations show close agreement with the observations at 6:00 and 18:00, where the obser-
vations were 217 ± 42m (mean ± SD) at 6:00, and 337 ± 36m at 18:00. TheWRF‐Chemmodel showed lower
bias than NARR (Figure S3c).

Variations in mass concentrations of PM2.5 were well captured by WRF‐Chem (Figure 3 for Cases 3 and 6).
Daily averages for NH4+, NO3

−, and SO4
2− particles are also displayed in Figure S4. When derived NEI 2017

was specified as the emission source, the primary PM2.5 emissions were 76% of the EDGAR case (Table S3)
and simulated NH4

+ particles were 0.11 and 0.10 μg/m3 for NEI 2017 and EDGAR respectively, indicating a
relatively small role in secondary PM2.5 formation (Figure 3 for PM2.5). The simulated PM2.5 results were
between Cases 3 and 5 (without NH3 emissions within domains 2 and 3) and showed that the domain 3 aver-
aged ground‐level PM2.5 decreased by only 0.27 μg/m

3 (<5% of total 5.55 μg/m3) even without any NH3 emis-
sions within domains 2 and 3. This indicates that agricultural NH3 emissions play a relatively minor role in
total particle formation within this domain.

As shown in Figure 3, both emission cases performed well in simulating the daily variations of PM2.5 for the
five sites. Here, the EDGAR emission case resulted in an RMSE of 4.37, 5.08, 6.31, 3.54, and 3.63 μg/m3 for
Apple Valley, Ben Franklin School, Harding High School, Talahi School, and Michael Elementary School
sites, respectively. The RMSEs for Case 3 (the derived NEI 2017 emission case) were slightly lower at 4.10,
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4.58, 5.90, 3.30, and 3.28 μg/m3, respectively. The observations and simulations showed a peak between days
10 and 15 for November 2017. The simulated values were slightly overestimated at Ben Franklin School and
Harding High School sites. In general, both the observed and modeled low PM2.5 mass concentrations are
attributed to low primary PM2.5 emissions and relatively low NOx and SO2 emissions within this
agricultural dominated region.

The 1:1 plot (Figure 3f) summarizes the model PM2.5 performance for all five sites and for both emission
cases including NEI 2017 and EDGAR. The ensemble five‐site average values were 8.92 and 9.96 μg/m3

for NEI 2017 and EDGAR cases, respectively, and were 17.3% and 31.1% higher than the average value of
the observations (7.60 μg/m3). The overall performance was very good for the derived NEI 2017 case, which
slightly overpredicted PM2.5 (MB = 1.32 μg/m3, R = 0.58 for both p < 0.001). The difference between the
EDGAR versus derived NEI 2017 simulated PM2.5 was mainly attributed to the primary PM2.5 emissions,
where the primary PM2.5 emission for the derived NEI 2017 case was 76% of EDGAR. Further, the model
simulations indicated that the secondary particles from NH3, NOx, and SO2 emissions made a minor
contribution (Figure S4). When emissions were specified using the derived NEI 2017 emissions, the
WRF‐Chem simulated PM2.5 was closer to the 1:1 line in Figure 3f. We note here that the EPA assumed that
state‐level pollution emissions were constant from 2014 to 2017 due to a lack of available data. We therefore
hypothesize that reduced primary PM2.5 emission for the years 2014 to 2017 can help to explain the model
overestimate of the observations.

3.3. Simulations of November NH3 Mixing Ratios and Dry Deposition Fluxes
3.3.1. Spatial Distribution of NH3 Mixing Ratios
The spatial distribution of simulated NH3 mixing ratios is displayed in Figures 4a and 4b. Because there was
high spatial correlation, with respect to the distribution, between simulations using NEI 2011, derived NEI
2017 and EDGAR, we have shown only results for Case 3 of derived NEI 2017. Monthly averages from 7
AMoN sites and the KCMP tower are also shown and were found to be highly correlated with the simulated
NH3 mixing ratios. Intensive livestock production in northern Iowa is an NH3 hotspot within our study

Figure 3. (a–e) Comparison of daily averaged particulate matter 2.5 between WRF‐Chem simulations and five
Environmental Protection Agency (EPA) observation sites for November 2017and (f) combined data for all site
observations and simulations. Note that National Emission Inventory (NEI) 2011 case (Case 1) was not shown because it
has the same emissions (exclude NH3) and almost identical results as Emission Database for Global Atmospheric
Research (EDGAR) case.
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Figure 4. (a) Spatial distribution of simulated NH3 mixing ratios at ground‐level for domain 2: note that Ammonia Monitoring Network (AMoN) site
observations are at ground‐level; (b) 100‐m height for domain 3 for November 2017, NH3 observations of seven AMoN sites, and KCMP tall tower are also shown.
(c) Comparisons between model results with AMoN and tall tower observations (in red colors), biweekly results are shown, and the error bars indicated 9%
relative error.
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domain. The simulated NH3 mixing ratios at this hotspot exceeded 30 ppb at the ground‐level. Further, the
simulations also show that agricultural lands in southern Minnesota are associated with high NH3

mixing ratios.

The simulated NH3 mixing ratios at the 100‐m height above these agricultural hotspots reveal that averaged
mixing ratios can exceed 10 ppb. These simulations for the 100‐m height also illustrate the effect of atmo-
spheric transport from northern Iowa to Minnesota. The difference of NH3 mixing ratios (Case 3 versus
Case 4—i.e., simulations with and without emissions from the northern Iowa hotspots) is shown in
Figure S5. It reveals that northern Iowa hotspots can have a strong influence on regional NH3 mixing ratio
distributions and also at the KCMP tower site. The results indicate that these emissions contributed to a
mean 1.07 ppb enhancement at 100‐mheight during November, which is 17.6% of the simulated NH3mixing
ratios and indicates a significant contribution via long‐distance transport. Considering the average distance
(400 km) between KCMP and the Iowa hotspot and a simulated November WS of 5.0 m/s at the 100‐m
height, the average transport time was about 23 hr.

The large vertical gradient in NH3 mixing ratios between ground‐level and the 100‐m height can reflect var-
iations in emissions, deposition, or atmospheric chemical reactions related to gas‐particle phase partitioning.
As noted above, the simulated ammonium particle concentration was relatively small (<0.15 μg/m3

equivalent to <0.18 ppb gaseous NH3). This suggests that these vertical NH3 mixing ratio gradients are
driven primarily by emissions and deposition. The NH3 mixing ratio profiles at our tall tower site are shown
in Figure S6. Each case demonstrates that the profile decreases logarithmically with increasing height. To
better understand the vertical distribution of NH3 mixing ratios, we compared the model simulations with
the tall tower observations from the 100‐ and 56‐mheights. Here, the average NH3 mixing ratio observations
were 6.64 and 6.76 ppb for the 100‐ and 56‐m levels in November 2017, respectively. The observations
thus showed a mean NH3 mixing ratio gradient of −0.27 ppb/100 m when assuming a linear fit as a
function of height extending to 100 m. The simulated gradients for the tall tower location ranged from
−0.21 to −0.84 ppb/100 m and were in good agreement with the observations (data shown in Figure S6).
For most of the simulation cases and observation periods, the negative gradient between 100 and 56 m
indicated that the study domain acted as a net NH3 source.

It is interesting to note in Case 5 (zero local emissions scenario for hotspots in domains 2 and 3) that the
modeled NH3 mixing ratios exhibited a positive gradient (i.e., increasing with increasing height) below
300–500 m, which is the opposite direction of the other cases. Here, the NH3 mixing ratio peaked at
~400 m and decreased both above and below this height. This indicates that this height acts as a transition
layer where downward and long‐range‐transport NH3 from outer domain was balanced. Similar results have
been observed near the Colorado Front Range, USA (Li et al., 2017; Tevlin et al., 2017), where some
individual profile observations have shown a decreasing NH3 gradient below 10 m and an increase above
this height when the land acts as a strong NH3 sink. Further, aircraft NH3 observations near coastal
Virginia andMaryland, USA, reveal vertical gradients (~0.3 ppb per 1 km) with NH3mixing ratios increasing
with increasing height above the surface, indicating that the surface was acting as a net NH3 sink (Lebel
et al., 1985).
3.3.2. Comparisons Between Simulated and Observed Hourly NH3 Mixing Ratios
Simulated hourly NH3 mixing ratios for November 2017, using three different NH3 emission inventories,
were compared with the 100‐m NH3 observations in Figure 5a. The monthly averages were 6.65, 8.44,
4.82, and 6.11 ppb for the observations, NEI 2011 (Case 1), EDGAR (Case 6), and derived NEI 2017
(Case 3), respectively. The RMSE among NEI 2011, EDGAR and derived NEI 2017 were 6.09, 5.12, and
5.37 ppb, respectively. The simulated NH3 mixing ratios using NEI 2011 emissions were biased high before
12 November and on 20 November. Simulations based on derived NEI 2017 and EDGAR emissions per-
formed better during the same period, and after 13 November. The simulations based on EDGAR emissions
were slightly lower than the tall tower observations. In general, derived NEI 2017 gave the overall best fit to
the observations of November 2017. As shown in Figure 5a, the observations reveal nine high (i.e., greater
than 10 ppb) NH3 mixing ratio episodes during this study period. These episodes were consistent in having
southerly wind flow and increasing air temperature (Figure 5c). Observed NH3 mixing ratios reached 35 ppb
on 15 November with three other episodes occurring on 20, 24, and 28 November that exceeded 20 ppb. The
model results showed high consistency with the NH3 observations and performed well in reproducing all
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nine high NH3 emission episodes observed in November 2017. A recent study in Ireland defined five
different health risk categories associated with varying NH3 concentrations. The most serious health risk
is associated with NH3 mixing ratios in excess of 4 μg/m3 (~5.3 ppb; Kelleghan et al., 2019). Thus, ground‐
level NH3 mixing ratios for our domain 3 frequently (336 hr, 48% of this month) exceeded this threshold
in November 2017 when using the derived NEI 2017 inventory.

Here, we examine the key drivers that can influence these high NH3 episodes. As shown earlier, particulate
NH4

+ makes up only a minor fraction of the NHx budget and thus does not explain the episodes. The synop-
tic weather patterns can control such high episodes with southerly air flow transporting emissions from key
source areas. Further, the model simulation and observational results described above, occasionally exhibit-
ing high or low biases, indicate that NH3 emissions cannot be explained with only activity data and constant
EFs. For instance, the reported Q10 of NH3 emissions can vary from 1.25 to 4.6 (Riddick et al., 2016; Sutton
et al., 2013; Zhang et al., 2017) indicating relatively strong sensitivity to air temperature. During our study

Figure 5. (a) Comparisons of NH3 mixing ratios between observations and simulations using different NH3 emissions,
(b) simulated dry deposition flux and velocity for NH3, and (c) the relationship between wind direction, air temperature
and NH3 observations.
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period, NH3 EFs varied from 1.56 to 21 for air temperatures ranging from 12 to 33°C. Therefore, some of the
model disagreement describe in Figure 5a is partially attributed to the variations in air temperature effect on
NH3 emissions that are not explicitly considered by these default NH3 emission inventories.

In November 2018, NH3 mixing ratios observed at the tall tower were substantially lower compared to
November 2017. These observations and differences in weather and climate between years provide a unique
opportunity to examine the fidelity of the WRF‐Chem model simulations and the reasons for high NH3 epi-
sodes. In these simulations the emissions are specified using the same inventories applied to November 2017.
However, differences in meteorological conditions (i.e., transport, boundary layer height, and temperature)
varied between these years. We compared the simulated PBL heights between these two periods with 416 m
for 2017 and 448 m for 2018, indicating a minor role in the simulated NH3 difference. The observed
November T2 in 2017 was 3.1°C higher than 2018, which was in relatively good agreement with modeled
difference of 2.32°C, indicating that higher air temperature in November 2017 enhanced NH3 emissions.
The observed frequency of southerly wind flow decreased from 37.1% in November 2017 to 27.6% in
November 2018. Further, the actual amounts of synthetic and organic nitrogen fertilizer applied within
the study domain are expected to be relatively consistent based on recent fertilizer trends (Griffis et al.,
2019). In this way, the model simulations can be used to help isolate how different factors influence
these observations.

For November 2018, the observed monthly average NH3 mixing ratio was 3.75 ppb. The simulated monthly
average mixing ratios were 6.53, 3.49, and 4.46 ppb based on the NEI 2011 (Case 1), EDGAR (Case 6), and
derived NEI 2017 (Case 3) emission inventories, respectively (Figure 6). The RMSE between NEI 2011,
EDGAR, derived NEI 2017, and the observations were 4.32, 2.80, and 3.22 ppb, respectively. The model
results based on NEI 2011 were consistently biased high. The results based on derived NEI 2017 and
EDGAR emission inventories showed better agreement with the observations over the entire month.
Further, the simulated NH3 mixing ratios in November 2018 also showed high NH3 episodes that exceeded
20 ppb. These simulated episodes, however, were not consistent with the tower observations. This
discrepancy between November 2017 and November 2018 suggests that the temperature sensitivity of
NH3 emissions is strong (not captured by the model) on NH3 emissions. The average NH3 observations in
November 2017 were 1.77 times when compared with November 2018. The ratios (simulated NH3 mixing
ratios) of NEI 2011 (Case 1), EDGAR (Case 6), and derived NEI 2017 (Case 3) between November 2017
and 2018 were 1.29, 1.38, and 1.37, respectively. Because the WRF‐Chem model applied the same emissions
for these 2 years, these ratios of 1.29 to 1.38 can be used to help isolate the effect of atmospheric transport on
NH3 mixing ratios. For example, WD differences between these years, in relation to the source distribution,
is one key factor causing the large difference in mixing ratios between the two years. Note that NH3 mixing
ratio observation differences between these two years are primarily attributed to both atmospheric transport
factors and changes in actual NH3 emissions. Further, the results of 1.37 (1.77/1.29) to 1.28 (1.77/1.38) can be
attributed to emission differences between November 2017 and November 2018.
3.3.3. Temperature Effect on NH3 Mixing Ratio and Emissions
The combination between large air temperature differences with higher concentrations (after accounting for
other meteorological effects) between November 2017 and 2018 provides evidence that temperature can
have a substantial effect on the NH3 EFs. Based on previous field studies, the observed EFs are considered
zero when the air temperature is below 0°C (Sutton et al., 2013; Xiuming Zhang et al., 2017), Here, we
attempt to quantity the sensitivity of NH3 emissions based on simulated NH3 mixing ratios and average
domain 3 simulated air temperatures at the 2‐m level. The average T2 were 1.49°C in November 2017 and
0.76°C in November 2018. We also calculated the cumulative temperature, when air temperatures exceeding
the freezing temperature, in November for these two years, and found that the cumulative T2m was 1625°C
for November 2017 and 1018°C for November 2018. The cumulative T2m in 2017 was 1.60 times than that of
2018. These results suggest that the higher temperatures in 2017 caused higher NH3 EFs and emissions. The
temperature effect (Q10) will be further discussed below.

Case 2 used temporally constant NH3 emissions, for November 2017, to help isolate the meteorological
effects on NH3 emissions. Both observations and the WRF‐Chem model results revealed an exponential
relationship between NH3 mixing ratios and air temperature. The Case 2 results also reveal the exponential
relationship between NH3 mixing ratios and air temperatures (even though NH3 emissions from the
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inventories are not temperature dependent), indicating that the observed and modeled exponential
relationships were not solely caused by the sensitivity of NH3 emissions to temperature but also by
atmospheric transport processes such as a change of WD in relation to source distribution.

We fit an exponential relation to these data as shown in Figure 7a. There are three potential explanations
for these relations. First, higher air temperature caused higher NH3 emissions (biological sensitivity,
excluding Case 2). Second, higher air temperatures were correlated with synoptic weather patterns and
southerly air flow where there are known NH3 hotspots (transport sensitivity; i.e., there is correlation
between air temperature and WD and source area). Third, higher air temperature favors NH4NO3 particle
partitioning to gaseous NH3. However, as discussed above, we believe that this last factor is negligible for
this region. Based on the regression analyses of the tall tower observations, we found that NH3 mixing
ratios increased from about 4 to 19 ppb (Q10 = 4.8, including both biological sensitivity and transport
sensitivity) when air temperature increased from 0 to 10°C. Case 2 showed that NH3 increased from about
7 to 13 ppb, indicating a Q10 of 1.9 (i.e., this only represents the transport sensitivity). The relative
changes from 1.9 to 4.8 times can only reflect the biological sensitivity on NH3 emissions that was mainly
caused by air temperature; we therefore interpret the ratio 2.5 between the two as the temperature
sensitivity of NH3 emissions.

Dynamic reemission of NH3 is not accounted for in the WRF‐Chemmodel, which may bring some potential
biases and uncertainties in the temperature‐dependent simulations. These uncertainties are likely to be
within the overall uncertainties of the simulated gross NH3 emissions, because the EFs of agricultural
NH3 emissions are based on field experiments, which also contain the reemission of deposited NH3. Here,
the simulated NH3 mixing ratios from April to September are in very good agreement with the tall tower
observations. Most of the scatters in these plots are close to the 1:1 line, and their histograms show very
similar distributions. Some of the large departures might be related to the fact that we do not simulate
bidirectional NH3 flux or they could result from transport errors in the model simulations. Further, we also
note that there is relatively good agreement between our estimate of NEE and that observed based on the tall
tower flux‐gradient observations (Griffis et al., 2019).

Figure 6. Simulations for November 2018 for (a) comparisons of NH3mixing ratios between observations and simulations
using different NH3 emissions) and (b) dry deposition flux and velocity for NH3.
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These results for Q10 agree reasonably well with previous studies (Riddick et al., 2016; Sutton et al., 2013;
Zhang et al., 2017). Sutton et al. (2013) used a land‐atmosphere model that included a bidirectional NH3 flux
scheme. Their model incorporated the effects of temperature and moisture on NH3 emissions. They showed
that NH3 emissions increased by 42% (28–67%) when the model temperature increased by 5°C, indicating a
Q10 of 2.0 (1.6–2.8) in their model. Zhang et al. (2017) applied Q10 values of 1.25–2.50 for different NH3

sources and used a value of 2.0 for all fertilizer applications. These Q10 values are similar to those derived
from our tall tower NH3 observations and WRF‐Chem modeling.
3.3.4. Interpreting the Relationship Between NH3 Emissions and Dry Deposition Flux
We examined the relation between NH3 emissions and deposition for the case studies described above.
Figure 7b illustrates that there is a strong linear relationship between NH3 emissions and the dry deposition
flux for the six different emission scenarios of our study. This relation appears to be robust and holds for the
two extreme experimental cases of zero flux for domains 2 and 3, and zero flux for the hotspots near northern
Iowa, where the NH3 distribution can deviate substantially from the other four test cases. The domain‐
averaged dry deposition flux can be estimated using the regression equation y = 0.42x + 0.07 (R2 = 0.99,
p < 0.001), where x and y represent NH3 emissions and dry deposition flux (nmol · m−2 · s−1), respectively.
The slope is unitless and represents the domain‐averaged dry deposition characteristics (Figure S7), which
are mainly dominated by land surface characteristics and meteorological fields (Wesely, 1989; Wu et al.,
2011). We further calculated domain 3 averaged dry deposition velocities for these six cases, and the result
was 0.44 ± 0.01 cm/s (ave ± SD), with its value almost the same as the slope. This indicates that 42% of emis-
sions within this domain were deposited within the region and that the other 58% was transported out of the
region. The intercept 0.07 is close to the dry deposition of Case 5 (0.06 nmol · m−2 · s−1) and can be inter-
preted as the dry deposition without regional emissions, resulting only from the long‐distance transport

Figure 7. (a) Exponential relationship between 2 m air temperature and NH3 mixing ratios for different case studies and
(b) the linear relationship between NH3 emissions and dry deposition flux in six cases for November 2017.
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from the outermost domain. Using this relation, we estimated NH3 NEE to be 58% of gross emissions for
November 2017. These results are consistent with our previous flux‐gradient estimates, which concluded
that dry deposition accounted for about 30–40% of gross emissions, with the remaining 60–70% for NH3

NEE (Griffis et al., 2019).

3.4. Annual NH3 Mixing Ratio Comparisons for 2017

To provide an annual view of NH3mixing ratios and NH3 NEE, we extended our analyses fromNovember to
other months (February, May, August, and November) in 2017. TheWRF‐ChemNH3 simulations, using the
derived NEI 2017 emission inventory, were compared to the tall tower 100‐m observations for each month.
As shown in Figure 8, the model simulations generally capture the episodic and diurnal variations of the
observed NH3 mixing ratios with RMSE (R2) of 3.69 ppb (0.36), 2.22 ppb (0.13), and 5.37 ppb (0.49) for
May, August, and November 2017, respectively. The WRF‐Chem model performed well in capturing the
relatively low NH3 observations in August and the higher NH3 values in November 2017. The observed high
NH3 episodes in the middle of May were not captured by WRF‐Chem. These large emissions were likely
driven by synthetic fertilizer application within the region, which is typical for this time period (Griffis
et al., 2017). Here, the simulations underestimated the emissions during this period. Previous research has
suggested that spring emissions were underestimated by emission inventories such as NEI (Butler et al.,
2016; Paulot et al., 2014).

3.5. Net Ecosystem NH3 Exchange

The study domain provides a unique opportunity to examine strong emission and deposition patterns asso-
ciated with agricultural lands to the south and west, and forested lands to the northeast and southeast
(Figure 1). Based on the tall tower measurement‐model comparisons above, the model is able to represent
the drivers of NH3 for this region, which supports its use to examine broader‐scale processes such as regional
NH3 NEE. To assess regional net NH3 sinks/sources in our study domain, we calculated the modeled NH3

NEE for different cases. Figure 9a shows that the NH3 NEE for 2017 (Case 6) was highly correlated with land
surface categories, with positive NH3 NEE in agricultural lands and negative in natural ecosystems. In
northern Minnesota and Wisconsin we see a distinct transition from net NH3 source (over croplands to
the south and west) to a net sink (over forested areas to the north and east) related to the change in land
use (Figures 9a and 1b and 1c). This spatial distribution of NH3 NEE is mainly controlled by the NH3 emis-
sion and mixing ratio distributions rather than Vd, where Vd has much smaller spatial variations (Figure S5).

The WRF‐Chem model framework does not yet have a bidirectional NH3 flux scheme, which may result in
some limitations and uncertainties when simulating the NH3 mixing ratios. A few other models have taken
bidirectional exchange into account (Bash et al., 2013; Cooter et al., 2012; Pleim et al., 2013; Whaley et al.,
2018). Previous work with the CMAQ model suggests that this will lead to a slight overestimation of NH3

dry deposition (Lonsdale et al., 2017; Lv et al., 2019), and in some regions (e.g., boreal forests), other model-
ing platforms have suggested that bidirectional fluxes may locally have a controlling impact on atmospheric
ammonia concentrations (Whaley et al., 2018). However, in agricultural regions, such as the U.S. Corn Belt,
the reemission of stored NH3 can be considered as a minor factor compared to the gross emissions (Griffis

Figure 8. Time series of observed and modeled hourly NH3 mixing ratios of Case 8 for each typical month.
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Figure 9. (a) Spatial distribution of the NH3 net ecosystem exchange for Emission Database for Global Atmospheric
Research (EDGAR) in November 2017, (b) NH3 dry depositions for both forests and crops lands for different November
(both 2017 and 2018) case studies, (c) seasonal variations of NH3 mixing ratios, (d) dry deposition velocity, (e) dry
deposition flux, and (f) its ratios.
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et al., 2019; Sutton et al., 2013). We note that most of our observation station locations are in regions where
cropland is the dominant agricultural land use type (see Figures 1c and 1d). Based on our own simulations
for forested areas within our study area, we suggest that the reemission of deposition NH3 can be safely
ignored considering high use efficiency of nitrogen by plants and that the nitrate deposited in these
forested areas can rapidly transport to streams and waters without being biologically transformed (Rose
et al., 2015; Sebestyen et al., 2014). Significant atmospheric nitrate deposition has also been observed that
dissolved in waters at the forest regions, with high spatial and temporal variations (Sebestyen et al., 2019).

We further examined NH3 dry deposition rates, NH3 NEE, mixing ratios, and Vd according to land use based
on the November case studies described above (Table 3 and Figure 9b). The simulated NH3 dry deposition
varied between 0.19 to 0.29 nmol · m−2 · s−1 in forested lands (excluding the Case 5 background case) and
0.77 to 1.15 nmol · m−2 · s−1 on agricultural lands for the various case studies examined in November
2017 (excluding Cases 4 and 5). On average, NH3 NEE over agricultural areas was upward (positive to the
atmosphere) and accounted for 60.1–64.6% of gross NH3 emissions. Conversely, the net exchange over
forested areas was downward and was on average 2.8–3.1 times greater in magnitude than the gross emis-
sions for these areas across the three inventories in November 2017. The results indicate that these natural
ecosystemswere important NH3 sinks. Agricultural lands, however, were strong NH3 sources with emissions
2.5 to 2.8 times the dry deposition rate. By comparing the November dry deposition in years 2017 and 2018,
the deposition slightly increased in agricultural (3%) and largely increased in forested domains (46%) for the
warmer November 2017 period (relative to November 2018). Thus, future warmer temperatures have poten-
tial to enhance agricultural N losses with dry deposition likely increasing in adjacent forested areas. These
enhancements are likely to be of significant concern in the late fall and early winter months where warming
temperatures overlap with substantial manure and synthetic nitrogen application to the landscape.

To quantify the transport effect of the northern Iowa NH3 animal agriculture hotspot to nonagricultural eco-
systems, we calculated the difference in forested NH3 dry deposition between Case 4 (with no NH3 emissions
from northern Iowa) and Case 3 (the derived NEI 2017 case). The resulting difference was less than 1.6% for
NH3 dry deposition in the forested domain and indicated a relatively minor role of this NH3 hotspot in long‐
distance transport to remote nonagricultural lands. Further, using Case 5 (zero flux for domains 2 and 3) and
Case 3, we estimated that 83 ± 0.4% of the dry deposition to forested areas in our domain can be traced to
agricultural emissions from within the U.S. Corn Belt in November 2017.

The simulated NH3 NEE was within the range of values reported previously for a typical coniferous canopy
with a NH3 NEE flux between −64.7 and 14.1 nmol · m−2 · s−1 (Duyzer et al., 1992; Andersen et al., 1993,
1999; Pryor et al., 2001). For instance, our values were smaller than average observations for a coniferous
forest (1.3 nmol · m−2 · s−1) in southern Indiana (Pryor et al., 2001) and 0.54 nmol · m−2 · s−1 at a

Table 3
Mean Dry Deposition (nmol · m−2 · s−1) in Different Land Use (Forests and Crops Are Shown), and NH3 Mixing Ratio (ppb) Distributions for Forests Lands

Category
Land
use

PFTs
(%)

Case 1
201711

Case 3
201711

Case 4
201711

Case 5
201711

Case 6
201711

Case 7
201811

Case 7
201811

Case 7
201811

(NEI 2011) (NEI 2017)
(zeros
North Iowa)

(zeros
Domain 2‐3) (EDGAR) (NEI 2011) (EDGAR) (NEI 2017)

NH3 dry
deposition

Forests >70 0.31 0.25 0.26 0.04 0.20 0.25 0.14 0.16
>80 0.29 0.23 0.24 0.04 0.19 0.23 0.12 0.15
>90 0.27 0.22 0.22 0.04 0.18 0.21 0.12 0.14

Crops >70 1.13 0.89 0.83 0.10 0.76 1.12 0.73 0.84
>80 1.14 0.90 0.83 0.10 0.77 1.14 0.74 0.85
>90 1.16 0.92 0.83 0.10 0.78 1.17 0.76 0.87

Ratios >70 3.63 3.54 3.20 2.43 3.76 4.56 5.40 5.25
>80 4.00 3.87 3.48 2.61 4.11 5.07 6.03 5.80
>90 4.36 4.18 3.73 2.72 4.46 5.53 6.57 6.21

NH3 (ppb) Forests >70 1.51 1.20 1.17 0.21 0.96 1.18 0.66 0.79
>80 1.41 1.12 1.09 0.20 0.90 1.10 0.61 0.73
>90 1.30 1.04 1.00 0.20 0.84 1.01 0.57 0.67

Abbreviations: EDGAR: Emission Database for Global Atmospheric Research; NEI: National Emission Inventory.
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Norway spruce forest in Denmark (Andersen et al., 1999). The main differences can be attributed to the
atmospheric NH3 abundance, as the Indiana and Denmark sites were in close proximity to high density agri-
cultural lands (Table S5). For the Danish site, NH3 emissions were approximately 7.0 nmol · m−2 · s−1 (data
were not reported for the southern Indiana site) and provided an important source for downwind dry deposi-
tion. Their gross emissions were much higher than our tall tower estimation of 1.8–2.1 nmol · m−2 · s−1

(Griffis et al., 2019). For our study area, if we assume that forested lands in close proximity to agricultural
lands have similar NH3 mixing ratios as for agricultural areas, the modeled NH3 dry deposition will be on
the order of 1 nmol · m−2 · s−1.

Comparing our simulations with forested sites in previous studies, the observed annual average NH3 mixing
ratios were 0.54 ± 0.04, 0.54 ± 0.08, and 0.33 ± 0.11 ppb at three forest sites in Pennsylvania and New York
State. The estimated dry deposition was 0.45 ± 0.07, 0.50 ± 0.09, and 0.32 ± 0.16 nmol · m−2 · s−1 for three
different sites, which were also remote from major NH3 emissions (Butler et al., 2015). These results are in
good agreement with our simulations for forested sites that are also remote (i.e., >100 km) from agricultural
NH3 emissions.

We extended these analyses for different seasons of 2017 (Case 8). There is a substantial seasonal
variation for NH3 dry deposition velocity, NH3 dry deposition flux, and atmospheric NH3 mixing ratios
(Figures 9c–9f). Further, we calculated the NH3 NEE for agricultural lands in domain 2, which averaged
1.60 ± 0.06 nmol · m−2 · s−1. This value is consistent with our tall tower observations that are on the order
of 1.26–1.47 nmol · m−2 · s−1 (Griffis et al., 2019). The dry deposition rate to forested lands was on the order
of 0.13 ± 0.01 nmol · m−2 · s−1, and NH3 NEE was −0.07 ± 0.01 nmol · m−2 · s−1. Note that for these simula-
tions, we applied the derived NEI 2017 inventory without monthly variations. When considering monthly
scaling factors 0.73, 1.02, 1.35, and 0.94 for February, May, August, and November, respectively, based on
the EDGAR inventory, the simulated NH3 mixing ratios were higher for May and August and lower in
February. Assuming that the ground‐level NH3 mixing ratios follow this same monthly scaling, we recalcu-
lated the ground‐level NH3 mixing ratio and dry deposition as shown in Figures 9c and 9e (i.e., red line des-
ignates crop lands).

Based on the AMoN observations andmodeled Vd for NH3, Li et al. (2016) calculated an annual average NH3

dry deposition of 1.27 nmol · m−2 · s−1 in the Upper Midwest. Our simulations for 2017 indicate that the dry
deposition rate was 0.94 ± 0.02 nmol · m−2 · s−1 (0.97 ± 0.02 nmol · m−2 · s−1 after the monthly scaling recal-
culation) for agricultural lands, which is in excellent agreement with previous estimates. The ecosystem‐

dependent critical load (a quantitative value above which significant harmful effects on specified sensitive
elements of the environment will occur) for nitrogen is estimated to be 2.5–5 kg N · ha−1 · year−1 (Ellis
et al., 2013; Pardo et al., 2011). To estimate the nitrogen load in forested areas within our study domain,
we combined our simulated NH3 dry deposition (0.57 ± 0.04 kg N · ha−1 · year−1) with the findings by Li
et al. (2016), who concluded that dry deposition of NH3 contributed 19–65% across the United States. Our
calculated total nitrogen deposition was 0.87–3.00 kg N · ha−1 · year−1, which is on average below the critical
load of natural parks.

The seasonal variations in the dry deposition flux are driven by variations in both the deposition velocity and
the NH3mixing ratio distributions. The simulated dry deposition velocity was 0.34 ± 0.001 cm/s (winter) and
0.37 ± 0.002 cm/s (autumn) and increased to 0.81 ± 0.005 cm/s (spring) and 0.73 ± 0.00 cm/s (summer) for
crops. The dry deposition velocity was 0.34 ± 0.004 cm/s (winter) and 0.45 ± 0.004 cm/s (autumn) and
increased to 0.55 ± 0.007 cm/s (spring) and 0.48 ± 0.007 cm/s (summer) for forested lands. The dry deposi-
tion flux ratios in spring and summer were much larger than winter and autumn (Figure 9f), resulting in
more NH3 deposition to forests in the cold season (Figure 9e). This large difference can be explained by
two factors: (1) higher vertical turbulence in the warm season leads to higher PBL height and lower atmo-
spheric NH3 mixing ratios near the ground and (2) Vd in the warm season were higher than during the cold
season, so that during the period of crop growth, more NH3 was deposited near the emission sources with
less subsequent atmospheric transport to northern forested areas. Previous studies also observed elevated
dry NH3 deposition in winter for the UpperMidwest area (Chen et al., 2014; Li et al., 2016), which was driven
by relatively high winter NH3 emissions from winter fertilizer application and livestock and combined with
a relatively shallow PBL.
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4. Conclusions

1. The derived NEI 2017 emission inventory showed better agreement with our tall tower observations than
the other emission inventories (NEI 2011 and EDGAR), with mean bias (RMSE) of 0.54 (5.37) ppb and
0.71 (3.22) ppb in November, 2017 and 2018, respectively.

2. The regional temperature sensitivity (Q10) of gross NH3 emissions was estimated to be 2.5, indicating
strong potential for significantly higher emissions under warmer conditions. Future warmer tempera-
tures have potential to enhance agricultural N losses and increase dry deposition in downwind natural
ecosystems.

3. Intensive livestock NH3 emissions in northern Iowawere found to contribute up to 1.07 ppb of NH3 at the
tall tower site for November 2017, representing about 17.6% of simulated NH3 mixing ratios.

4. NH3 mixing ratios in domain 3 frequently exceeded (i.e., 336 hr, 48% of November 2017) the high risk air
quality health standard of 5.3 ppb.

5. The domain‐averaged NH3 emissions showed a linear relationship with dry deposition (y= 0.42x+ 0.07),
where x and y indicate NH3 emissions and dry deposition (nmol · m−2 · s−1), respectively. This can be
interpreted as the regional average dry deposition velocity (0.44 ± 0.01) for NH3, and its intercept repre-
sents the dry deposition flux (0.06 nmol · m−2 · s−1) resulting from long distance transport;

6. November NH3 NEE accounted for 60.1–64.6% of gross NH3 emissions for agricultural areas and was
2.8–3.1 times greater in magnitude than the gross emissions for forested areas. The simulated NH3

NEEwere 1.60 ± 0.06 nmol · m−2 · s−1 for agricultural lands and−0.07 ± 0.02 nmol · m−2 · s−1 for forests.
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